The present paper examines the particular difficulties presented by low levels of food-borne DNA-reactive genotoxic carcinogens, some of which may be difficult to eliminate completely from the diet, and proposes a structured approach for the evaluation of such compounds. While the ALARA approach is widely applicable to all substances in food that are both carcinogenic and genotoxic, it does not take carcinogenic potency into account and, therefore, does not permit prioritisation based on potential risk or concern.
Background and objectives
Compounds that are both carcinogenic and genotoxic frequently give rise to difficulties for regulators and food businesses when they are present at low levels in foods.
Among regulatory and advisory bodies, such as JECFA, EFSA and FDA, there is no international consensus on how to evaluate the potential risk of genotoxic carcinogens in food. In Europe, the Scientific Committee on Food (SCF) has addressed the topic of chemicals that may be genotoxic carcinogens in a written opinion (SCF, 1996) . The SCF has evaluated genotoxic carcinogens in the diet (such as contaminants and natural toxicants) on a caseby-case basis using a ''weight of evidence'' approach, whereas in the USA (e.g. US EPA), as well as in some European countries (e.g. Norway), a quantitative risk characterisation is commonly performed by mathematical lowdose extrapolation of animal data. There is a vast literature on scientific and legal principles dealing with chemical hazard characterisation and this literature is not reviewed in the present publication.
It is recognised that current risk analysis approaches to compounds in food that are genotoxic and carcinogenic in experimental animals may sometimes incur disproportionate or even unnecessary measures on the part of regulators and industry. The current ILSI Europe expert group was convened in 2002 with the following objectives:
(1) to propose a structured approach for the evaluation of genotoxic carcinogens in food following a critical review of the approaches currently available; and (2) to evaluate the margin of exposure approach for food-borne substances that are genotoxic and carcinogenic. An additional objective was to review the methods available for the evaluation of genotoxicity (see Supplementary data, below). The risk assessment of genotoxic carcinogens has been considered recently by the European Food Safety Authority (EFSA) and by the WHO/FAO Joint Expert Committee of Food Additives (JECFA). In 2003, EFSA established a Working Group to consider how to improve advice given on the health risks arising from the presence in food of compounds that are both genotoxic and carcinogenic. This activity led to the publication of an Opinion of the Scientific Committee in 2005 (EFSA, 2005) . In February 2005 there was a meeting of JECFA, which evaluated a number of genotoxic carcinogens, with the Report published after the meeting (JECFA, 2005) . Thus the current activity coincided with other efforts to address the difficult issue of providing scientifically supportable advice to risk managers about the presence of food-borne genotoxic carcinogens. These activities led to an international conference in November 2005 that involved all three groups (WHO, EFSA, ILSI Europe) (Barlow et al., 2006) .
Historically, it has been assumed theoretically possible that a single molecule of a carcinogen could cause a mutation and consequently could lead to cancer. However, carcinogenesis is a multi-step process (see Fig. 1 ) that can be affected by chemicals in a number of ways. A carcinogen, broadly defined, is an agent that increases the occurrence of neoplasms in either experiential animals or humans (Williams and Iatropoulos, 2001 ). Carcinogens can be categorised as genotoxic, i.e. those that affect DNA (and can be either DNA-reactive or DNA-nonreactive), or non-genotoxic (epigenetic), according to various criteria (Williams, 1992; Williams and Iatropoulos, 2001 ).
This report specifically addresses an important group of carcinogens in food: DNA-reactive genotoxic carcinogens, i.e. those that have the property to react with DNA in the target tissues and thereby exert mutagenicity. The mode of action of such carcinogens is considered to be relevant to humans (Preston and Williams, 2005) . Historically, DNA-reactive carcinogens have been considered not to have a threshold in the dose-response relationship, i.e. theoretically, there is not a dose or intake below which there is zero risk. Such carcinogens are generally bioactivated to electrophiles that react in target tissues with DNA and other macromolecules. In contrast, it is generally considered that a threshold exists in the dose-response relationship for compounds that produce cancers via a non-DNA-reactive mechanism. DNA reactivity is usually inferred from positive results in short-term tests for genotoxicity, but is rigorously established only by measurement of covalent DNA binding.
DNA-reactive carcinogens have long been known to be present in the human diet . Most problems with DNA-reactive carcinogens in food arise from chemicals that are either natural food constituents (such as ethyl carbamate) or contaminants (such as acrylamide, heterocyclic amines, polycyclic aromatic hydrocarbons and heterocyclic amines such as PhIP (2-amino-1-methyl-6-phenylimidazo[4,5-b]pyridine)), which are formed during cooking processes or by fungal toxins (such as aflatoxins) because they cannot be completely eliminated from the human diet unless the food itself is banned. Compounds that are incorporated into food intentionally, either directly (e.g. additives) or indirectly (e.g. residues of processing aids, pesticides, veterinary drugs or migrants from food contact materials) are assessed for their genotoxic and carcinogenic potentials prior to marketing, and compounds that might be DNA-reactive carcinogens would not be permitted.
Problem formulation
The steps involved in risk assessment are the same for all chemicals in food: hazard identification, hazard characterisation, exposure assessment and risk characterisation (Barlow et al., 2002a,b; Renwick et al., 2003) . Problem formulation precedes the above steps and establishes the context and goals of the risk assessment. A plan needs to be developed, which clarifies the management goals, the purpose and scope of the assessment, the resource implications and timeline, prior to collecting, summarising and assessing data related to the potential hazards and exposures associated with the problem to be addressed. This plan should reflect input from all relevant stakeholders, i.e. risk assessors and managers, consumers, manufacturers or producers, etc.
The nature of the advice to risk managers with regard to the assessment of the potential human health impact due to the (possible or known) presence of a genotoxic carcinogen in food will be determined principally by (i) the outcome of a problem formulation process in which the issues and questions are defined and the plan for assessing and describing risk is developed (Renwick et al., 2003) and (ii) the key elements of the risk characterisation that are relevant to address those issues and questions.
Risk characterisation of exposure to chemicals in food and diet involves comparing the estimated human intake with the dose-response data that were assessed in hazard characterisation. The output of risk characterisation can take various forms, including, (i) determination of a health-based guidance value, such as an acceptable daily intake (ADI) or tolerable daily intake (TDI) (following the identification of a no observed adverse effect level and the application of an uncertainty factor), which is an intake that is considered to be without appreciable health risk if ingested daily over a lifetime, (ii) estimation of the margin of exposure as the ratio between the dose-response output from animal hazard characterisation and the human exposure, (iii) quantification of the projected magnitude of the risk at the level of human exposure, derived from the modelled dose-response relationship.
Traditionally, the first approach to risk characterisation has been adopted for the majority of toxic effects, because there are homeostatic mechanisms that reverse any tendency to produce an adverse change at low doses/concentrations, and toxicity is only seen when homeostatic capacity is exceeded. There is no safety concern providing the human intake is less than the health-based guidance value. This approach would not be used for genotoxic and carcinogenic chemicals.
Hazard identification
The purpose of hazard identification in the present context is to identify whether or not the compound is DNAreactive either as the parent compound or following bioactivation; in other words whether it likely to be carcinogenic via a mechanism that theoretically may not show a threshold in the dose-response relationship. This knowledge has a major impact on the formulation of advice for risk management, and therefore is a crucial question in the overall risk assessment process. The decision on whether or not the compound is genotoxic via DNA reactivity is often the single most important criterion in selecting between a non-threshold or a threshold approach, respectively, to hazard characterisation. Compounds that produce cancer via a non-genotoxic mechanism, such as d-limonene or butylated hydroxyanisole (BHA) or act via a genotoxic mechanism that would show a threshold (see later) would be assessed by determination of the no-observed adverse effect level and the application of uncertainty factors to derive an acceptable daily intake or a tolerable daily intake (Edler et al., 2002) .
Therefore, key issues relate to:
• evaluation of DNA-reactive genotoxic potential and • evaluation of DNA-reactive carcinogenic potential.
In evaluating the evidence for a carcinogenic effect of a chemical, the criteria first developed by WHO (1974) are still used (Williams and Iatropoulos, 2001) , which include mainly the induction of a types(s) of neoplasm not found in controls or an increase in exposed animals of a type(s) of neoplasm found in controls. In addition, the early appearance of pre-neoplastic lesions has been taken as evidence of a carcinogenic potential (Williams, 1999) . Findings of induction of malignant neoplasms with short latency periods in more than one species, and in several organs are highly suggestive of a DNA-reactive mode of action. On the other hand, induction of tumours in only certain organs, such as endocrine responsive organs, is suggestive of a non-genotoxic mode of action (Williams and Iatropoulos, 2001 ).
There are two critical questions to be answered in defining a compound as having the potential for both DNAreactive genotoxicity and carcinogenicity:
• Using a weight of evidence approach, what is the body of evidence that the compound is a DNA-reactive genotoxicant? • Using a weight of evidence approach, what is the body of evidence that the compound is a carcinogen?
3.1. What is the evidence that the compound is a DNA-reactive genotoxicant?
The first question is: ''Is the chemical genotoxic and DNA-reactive, i.e. does it form a covalent adduct to DNA, or is it genotoxic but not DNA-reactive or is it non-genotoxic?'' This can be a complex issue and the answer may have a profound effect on the approach adopted to hazard characterisation and risk assessment.
The overall decision is made on weight of evidence, considering information from various sources, none of which is sufficient alone. There are two main criteria and two supporting criteria:
Main criteria:
• Is the compound genotoxic in standard in vitro or in vivo genotoxicity assays? • Is there evidence related to the mode of action by which the compound interacts with DNA? Supporting criteria: • Is the chemical structurally related to other known DNA-reactive genotoxic carcinogens? • Are there any mechanistic data to support an argument for or against DNA-reactive genotoxicity?
3.1.1. Is the compound genotoxic in standard in vitro or in vivo genotoxicity assays? Genotoxicity testing is conducted within a tiered testing strategy (US FDA Redbook, 2000; Committee on Mutagenicity, 2000) . The well-established, extensively validated assays take precedence over others. Initially, in vitro assays are conducted to cover the three endpoints of concern: gene mutation, structural and numerical chromosome aberrations. Normally the testing strategy consists of assays for bacterial mutation, in vitro chromosome aberration, mammalian cell gene mutation and/or in vitro micronucleus formation. Dependent on human exposure, or evidence of mutagenicity in vitro, then in vivo rodent assays are performed, such as the bone marrow micronucleus assay and/ or the liver unscheduled DNA synthesis assay. The latter is actually a measure of DNA repair in response to DNA damage and thus provides a measure of DNA reactivity. It is recommended to conduct at least two studies in vivo. Generally, a well-conducted in vivo assay would override the in vitro genotoxicity data. Data from genotoxicity studies may show that a compound is genotoxic but not necessarily that it is DNA-reactive. A number of in vitro, and possibly in vivo, genotoxicants are not directly DNA-reactive compounds, and produce genotoxicity via mechanisms that would be expected to show a biological threshold, e.g. via the formation of reactive oxygen species or the induction of numerical chromosome aberrations via interference with the microtubules at cell division (Crebelli, 2000; Henderson et al., 2000; Kirkland and Mü ller, 2000; Mü ller and Kasper, 2000) .
3.1.2. Is there other evidence that the compound can interact with DNA?
Information from studies that measure direct interaction with DNA (e.g. DNA binding studies and DNA adduct formation) or indirect measures of DNA damage (e.g. the alkaline elution, single cell gel electrophoresis (comet) and DNA repair assays, in the absence of general cytotoxicity) are useful in this respect (Brusick, 2001) .
3.1.3. Is the compound structurally related to other known DNA-reactive genotoxic carcinogens?
Do structure-activity relationships relate the structure, sub-structure or chemical class of a compound to other known carcinogens (e.g. other polycyclic aromatic hydrocarbons may be like the DNA-reactive genotoxic carcinogen benzo(a)pyrene)? 3.1.4. Are there any mechanistic data to support an argument for or against DNA-reactive genotoxicity?
Information on the metabolic fate and mechanism of action of the compound will indicate whether it is a DNA-reactive genotoxicant, e.g. the mechanism of action of nitrosamines is known and understood and is related to their carcinogenicity. However, others, such as topoisomerase II inhibitors, appear to act indirectly by disturbing DNA structure and function. Mechanistic data are likely to be specific to the compound or its chemical class.
Once all available data are collated and considered as a package, a weight-of-evidence decision can be made on whether a compound is a DNA-reactive genotoxicant.
What is the evidence that the compound has carcinogenic activity?
The second question is ''Is the compound a carcinogen?'' This can also be a complex issue, particularly if the data set is incomplete. This decision is often based on neoplasia/tumour findings in a standard two-year carcinogenicity bioassay in rodents, but other data can provide the basis for, or contribute to, the overall conclusion (in a weight of evidence approach).
The main data sources for a decision relate to the following questions:
• Is the compound carcinogenic in a standard two-year bioassay for carcinogenicity?
• Is it carcinogenic in alternative cancer bioassays, e.g. the transgenic rodent models p53
, rasH2 or TgAC? (Data from different models may provide useful information on the mode/mechanism of action of a carcinogen).
• Do epidemiological data indicate an association between exposure to the compound and cancer incidence?
3.2.1. Is the compound carcinogenic in a standard two-year bioassay for carcinogenicity?
The most definitive source of information is a welldesigned two-year bioassay for carcinogenicity (Williams and Iatropoulos, 2001) in which adequate doses were tested in a sufficient number of animals and appropriate organs were taken for histopathological analysis. Issues may arise from the use of highly inbred rodent strains, with a high background incidence of strain-specific tumours (e.g. liver tumours in C3H mice), or tumours arising from mechanisms not present in humans (e.g. a2u-globulin mediated kidney tumours in male rats).
Is the compound carcinogenic in alternative cancer bioassays?
Recently, novel transgenic animals have been developed to provide carcinogenicity data within a period of 6-9 months. These include the p53
and TgAC mouse models. These assays are still the subject of some development and/or validation (see MacDonald et al., 2001) , although data have been accepted by some regulatory authorities.
3.2.3. Do epidemiological data indicate an association between exposure to the compound and cancer incidence?
Epidemiological data may be available for chemicals with a long history of use. Epidemiological studies require careful assessment, as many are retrospective studies, relying on memory recall of the exposure, and are confounded by co-exposures to other carcinogenic agents, such as tobacco smoke. Nonetheless a well-conducted, accepted epidemiology study can provide useful information on the carcinogenic activity of a compound in humans. Negative studies, however, may lack sufficient power to draw conclusions.
A supplementary question would provide supporting information:
3.2.4. Does the compound induce pre-neoplastic lesions, such as altered hepatic foci?
Pre-neoplastic lesions may be present in other toxicity assays conducted on the compound, e.g. sub-chronic toxicity studies, or in dedicated studies to investigate this endpoint (Williams, 1999) . Provided the relationship between the lesion and eventual tumour formation is understood, such studies can be taken as indicative of tumour potential over a longer period of treatment.
Data from one of the above main sources of information may be sufficient for a decision on carcinogenicity to be made whilst data on the induction of pre-neoplastic lesions may provide useful supporting evidence. It should be noted that the above will not distinguish between a genotoxic and a non-genotoxic carcinogen.
Hazard characterisation
Key questions for hazard characterisation are:
• Based on the mode of action and site of tumourigenesis, are the tumours relevant to humans? • Are the existing (toxicokinetic-and/or toxicodynamic) data sufficient to reach a conclusion about the likely shape of the dose-response curve for the carcinogenic effect? • Are there data in addition to those from traditional genotoxicity studies that contribute to the understanding of a genotoxic mode/mechanism of action? • What is the influence of non-genotoxic processes, e.g. hyperplasia?
• Do data exist to suggest that there may be one or more sub-populations with special sensitivity/susceptibility to the carcinogenic effect of this agent (e.g., as determined by life-stage, gender, genetic polymorphisms, etc.)?
The weight of evidence approach uses all the available toxicological, metabolic and physico-chemical information about a compound for judging the likely potency of the compound in humans.
3 For DNA-reactive genotoxic carcinogenic compounds in food, hazard characterisation usually has to rely on data from animal cancer bioassays. There are inherent difficulties in using potency estimates from such studies because of species differences in the underlying biology, and because very high doses are tested to compensate for the low number of animals that can be used per dose group. 4 There are large differences in the carcinogenic potency of various genotoxic carcinogens in animals, which span several orders of magnitude, and hence in the likely risk to humans at a given exposure level. For example, numerical descriptors of carcinogenic potency, such as the TD50 (dose equivalent to 50% of animals remaining tumour free after two years of exposure to the compound, Peto et al., 1984) , range in value from lg/kg bw/d up to g/kg bw/d. 3 Sound data on the mode of action of a compound as well as its kinetics in a given species are a prerequisite for any risk assessment as otherwise the relevance of animal tumor data for human risk assessment is unclear. 4 The lowest tumour incidence that can be assessed depends on the background tumour incidence and on the number of animals used: to establish a 10% increase in tumour rate with a confidence limit of 95% in a population with a spontaneous rate of 1%, 40 animals are necessary. To assess an increase by 1% or 0.1%, 1100 or 80,000 animals per dose group, respectively, would be necessary.
Toxicokinetic considerations
The processes of absorption and distribution of an ingested carcinogen are important in determining the amount of the compound or its active metabolite delivered to its site of action. Biotransformation is of major importance because it is usually responsible for (i) the inactivation and elimination of genotoxic chemicals and/or (ii) the bioactivation of procarcinogens (chemicals where the parent compound is inactive) to the active genotoxic moiety, and the subsequent detoxication of that chemical species and/or (iii) the elimination of procarcinogens via pathways that result in detoxication rather than bioactivation.
The majority of DNA-reactive genotoxic carcinogens detected in food are procarcinogens. Compounds that bind directly with DNA without the need for metabolic activation are chemically reactive molecules; such compounds are likely to be unstable within a food matrix because they would interact with components of the matrix thereby losing their reactivity. Such molecules are unlikely to be detectable in their reactive form in food matrices.
The rate of absorption from the gastrointestinal tract can be influenced by the mode and vehicle of administration, with higher rates of absorption generally occurring under fasting conditions and following gavage administration in solutions (Renwick, 2001) . Administration by incorporation into animal feed can reduce the rate of absorption, and hence the potential for depletion of cytoprotective factors such as glutathione (see below). The slowest rate of absorption is likely to occur when the chemical is present within a food matrix, and this complicates the estimation of the risk to humans exposed via the diet when this is based on dose-response data from animal studies (Dybing et al., 2002) . First-pass metabolism within the gut lumen, gut wall or liver can result in extensive detoxication of reactive chemicals present in food, and a steep increase in response may occur at doses that saturate the enzymes responsible. In contrast, first-pass metabolism may contribute to the bioactivation of procarcinogens to the active chemical species, and saturation of this process could lead to a shallower dose-response at high intakes.
Reactive genotoxic compounds and the reactive electrophilic metabolites of procarcinogens form covalent bonds with DNA, as a part of their mechanism of action, and also with macromolecules such as proteins. Covalent protein binding reflects the extent of internal exposure to the reactive chemical species and evidence of non-linearity in exposure to the reactive chemical species can be obtained by measurement of biomarkers such as protein adducts.
Biotransformation determines the rates and extents of formation of any biologically reactive intermediates, and of the detoxication of the reactive chemical species, whether it is the parent compound or a metabolite (Oesch et al., 2000; Swenberg et al., 2000) . Elimination of reactive carcinogens and procarcinogens occurs primarily via metabolism in the liver and this determines the concentrations in the circulation and delivered to the target tissue, the duration of exposure following a single dose and the extent of accumulation of repeated dosage. Species differences in carcinogenic potency can arise from differences in the extent of metabolic bioactivation. Metabolism within the target tissue can be important in the local production of highly reactive chemical species, which would not survive in the blood and therefore cannot be delivered via the circulation. Local target-organ detoxication of reactive species is also of critical importance, whether the reactive species is produced locally or delivered via the circulation. The detection of acrylamide in cooked food acted as a major stimulus for the recent discussions within EFSA, WHO and ILSI Europe. It is a good example of the importance of metabolism in carcinogenicity, because it undergoes oxidative metabolism to the active entity, glycidamide, which binds to DNA and is inactivated by reaction with glutathione (JECFA, 2005) .
Enzyme-catalysed reactions have a finite capacity for interaction of the chemical with the protein. At low concentrations the rate of catalysis is proportional to the substrate concentration, and therefore inherently linear with respect to dose or concentration. At high concentrations of the chemical, all of the specific sites on the enzyme may be occupied and addition of further chemical cannot result in increased metabolism. Saturation of metabolism within the target tissue is of considerable importance in the context of genotoxic carcinogens. Species differences in the concentrations associated with saturation of metabolism are likely, because of differences in Km values, which could influence the doses/concentrations associated with non-linearity in humans and in experimental animals (Andersen, 2003) .
At high substrate concentrations the extent of a chemical reaction can result in the depletion of cofactors such as glutathione, and under these circumstances the rate of reaction may become dependent on the available concentration of the cofactor. At low doses of a genotoxic carcinogen, the concentrations of the cofactor will be in a vast excess, and the rate of detoxication is directly proportional to the concentration of the carcinogen. Saturation of the main pathway(s) of detoxication of a procarcinogen may result in metabolism by normally negligible routes, via enzymes with much higher Km values; this could result in significant metabolic activation to the DNA-reactive species only at high intakes causing, in effect, a threshold in the dose-response relationship. Concentrations sufficient to saturate metabolic pathways are far more likely in highdose animal carcinogenicity studies than following human exposure to environmental or dietary concentrations of carcinogens. In consequence there is a greater potential for non-linearity in animal studies than in human epidemiology studies involving dietary exposures (Swenberg et al., 1995) .
Hepatic enzyme induction has been observed in many rodent toxicity studies. Induction of a bioactivation process would result in a non-linear increase in the amounts of a reactive metabolite, whereas induction of a detoxication process would produce a shallower slope at higher doses. Enzyme induction is an effect that is seen at high doses and therefore is less likely at low levels of human intake.
There are genetic polymorphisms in some of the enzymes involved in the biotransformation of foreign chemicals (Nebert et al., 1996) . Polymorphisms could affect the risk from compounds that are genotoxic and carcinogenic (Vineis, 2004) . Individuals with an enzyme deficiency could show higher sensitivity if the defect is in a major elimination or detoxication pathway or lower sensitivity if it is in the enzyme responsible for bioactivation. A number of studies have explored the relationship between genotype and cancer risk, but findings are often inconsistent (Lewis et al., 2002) and any effect seems to be only up to a doubling of risk (D'Errico et al., 1999) . Neonates and very young infants have low activity for some of the enzymes involved in foreign compound biotransformation and theoretically this could influence sensitivity (Dorne et al., 2005) .
Toxicodynamic considerations
At the low intakes typical of food-borne genotoxic carcinogens the probability of cancer may not be linearly related to the dose, even if the internal dose is linearly proportional to the external dose. The argument for a linear dose-response, which is often assumed for genotoxic carcinogens, is based on the probability that a single critical cellular event may or may not occur (with a given probability). However, it is now known that more than one critical process (mutation) is needed for a cell to be transformed into a malignant cell (Hanahan and Weinberg, 2000) . A sequence of consecutive critical events will tend to make the dose-response less linear (more sigmoidal) than would a single critical event, as can be seen by comparing the single-hit model with the multi-stage model. (Moolgavkar and Luebeck, 1990) . This model shows that even when it is assumed that mutation rates are proportional to dose, the resulting dose-response relationship can be non-linear. The sequence of changes also explains why observed DNA adducts can be linearly related to dose, while the observed cancer incidences are not.
At high doses, DNA repair may be unable to eliminate all miscoding adducts prior to the affected cell entering the phase of DNA synthesis, resulting in an increased probability of mutation per DNA adduct (Tong et al., 1980) . If this were to occur at dose levels associated with increased tumour incidences in animal studies at lower doses, then the tumour probability would be non-linear. In addition, accompanying toxic effects, such as increased apoptosis, cell proliferation and interference with cell cycling, may have an impact on tumour probability (Williams et al., 2000) . Such epigenetic events would be less likely to occur at low doses, which are typical of exposures to food-borne genotoxic carcinogens .
The toxicodynamic considerations are difficult to quantify, but they all point in the same direction, i.e. that the tumour incidence at low intakes would not be proportional to that at high administered doses in carcinogenicity studies, and the dose-response would be essentially sub-linear.
In humans, genetic differences exist in some of the enzymes involved in DNA repair (Myrnes et al., 1983) and in elements that regulate cell cycling and death (Balmain, 2002 ). Such differences could affect the risk from compounds that are genotoxic and carcinogenic; an example is the high susceptibility of individuals with xeroderma pigmentosum (deficient in DNA repair) to sunlightinduced skin cancer and neoplasias in other tissues (Hoeijmakers and Bootsma, 1990) . Nevertheless, the evidence presently available indicates that any increase in risk related to variability in DNA repair is in the range of 2-6 fold (Mohrenweiser, 2004) . Neonatal and young animals show higher sensitivity to the carcinogenic effects of some chemicals (National Cancer Institute, 1979) , probably because of higher rates of cell proliferation; whether this is the case for human neonates and infants is not known, but greater sensitivity towards such chemicals would be expected.
Dose-response assessment
As discussed above, genotoxic carcinogens are considered to cause cancer by a stochastic process. In theory, a single active species entering the cell might hit the DNA, which might lead to a mutation (or be repaired), and which might be a cancer-relevant mutation. Whether such events take place may be regarded as the outcome of chance. Thus, each single molecule entering the cell has a certain (albeit extremely small) probability of resulting in a cancerrelated mutation. Theoretically, the overall probability that a given internal dose causes a relevant mutation may then be expected to be proportional to that dose (total probability = product of probabilities per molecule). If this hypothetical scenario were true, then there should be a linear dose-response for all genotoxic carcinogens, at least in the low-dose region. Clearly, at higher tumour incidence the curve has to bend to 100%, and therefore the doseresponse relationship in the range of observation cannot be linear, but the real question is whether or not the dose-response relationship is linear in the low-dose range, where tumour incidences are low enough to be relevant to risk assessment. Unfortunately, incidences of interest for risk assessment may be as low as 10 À6 , which is far beyond the range of observation in animal or epidemiological studies. Therefore, the shape of the low-dose-response relationship cannot be determined from data: it can only be deduced from theoretical considerations or indirect evidence. Such evidence may be available from toxicokinetic and/or toxicodynamic perspectives.
4.3.1. Dose-response analysis of epidemiological data For the purpose of estimating human cancer risks, the most reliable dose response data would be obtained from good epidemiological studies in human populations for which both the exposure level to a given genotoxic carcinogen and the observed corresponding tumour incidence are known. Any confounding factor, such as co-exposure to other toxic factors, would need to be taken into account. Using such data, extrapolation over only a relatively narrow dose range would be necessary to quantify human risks at lower exposure levels. Such a situation is very rare and even in the best available examples of epidemiological data (e.g. aflatoxin B 1 ) various problems prohibit clear-cut conclusions (for details see JECFA, 1998).
Dose-response analysis of data from cancer bioassays in rodents
Quantitative extrapolation of animal tumour incidences observed at high doses over many orders of magnitude down to the much lower dose levels that are relevant for human risk assessment, incorporates numerous uncertainties. The biological arguments discussed above may provide indirect evidence that the dose-response is likely to be sublinear, but it is not possible to predict whether this might be the case or to determine the slope at the low intakes relevant to risk assessment. Each of the processes discussed might have their impact within the observable range of tumour incidences, or far below it. Therefore, the conclusion that the dose-response relationship is probably sub-linear does not give practical guidance, except that a linear doseresponse could be regarded as a conservative assumption.
Mathematical analysis of the dose-response data from an animal bioassay can be used to define the intake necessary to produce a given level of response, such as 10%, 25% or 50% cancer incidence. The intakes of different compounds giving the same level of response reflect the relative potencies of the compounds. Various methods are available to define a reference point on the intake-response curve, such as the benchmark dose (BMD), the lower confidence interval on a benchmark dose (the BMDL), the T25 (Dybing et al., 1997) or the TD 50 (Peto et al., 1984) . The BMD approach is being used increasingly, with a 10% cancer incidence being used most frequently as the benchmark response (EFSA, 2005; JECFA, 2005) . The reference point derived from the animal bioassay can be used in three ways:
(i) To compare the potency of different compounds.
Data from animal bioassays can be used to rank carcinogenic potency without reference to human intakes. In the past, many attempts have been made to rank carcinogenic substances by their potencies in animal bioassays. For example in a series of publications Gold et al. tabulated data on a large number of compounds allowing their carcinogenic potency to be expressed as the TD 50 (Gold et al., 1999) . The T25 or BMDL10 approaches may also be used for potency ranking. These values can be used to indicate the relative potency of a series of compounds. (ii) To extrapolate the incidence down to the level of human exposure or to estimate an intake that would give a very low risk (see Section 6.2.2). (iii) To compare directly with the level of human exposure by calculation of the margin of exposure (see Section 6.2.3).
Intake assessment
Intake scenarios for genotoxic carcinogens in food will almost always concern naturally occurring substances, illegal additives or substances formed during cooking or processing, since substances authorised for deliberate addition to foods, such as food additives, would generally exclude genotoxic carcinogens. In any food chemical risk assessment, exposure assessment is often a source of great uncertainty (Kroes et al., 2002; Renwick et al., 2003) . This problem may be more pronounced in the case of genotoxic carcinogens in foods due to the low concentrations in foods, variability in concentrations, and variability in foods consumed. In its simplest form, food chemical intake assessment may be expressed as:
Intake of a chemical in a food item ¼ concentration in food item Â amount of food item consumed Total dietary intake is the sum of intakes from all the food items containing the chemical. Intake data may be based on projected estimates or on data collected in food surveillance studies.
There is still considerable lack of harmonization in relation to the conduct of food chemical intake studies although the situation is improving rapidly. Comparison of data may be difficult among different studies. When based on analytical measurements and food consumption data, consistent identification of the food items consumed through the use of food codes is important, as this is the means by which analytical data are combined with food consumption data. Thus, there are two distinct elements to the estimation of dietary intakes: analytical measurement of the chemical in foods; and measurement of intakes of foods that may contain the chemical.
Measurement of the chemical in foods
The low levels at which genotoxic carcinogens may be present in foods may present special challenges to the analytical technology used. It is important that validated standard methods be employed where possible, that laboratories participate in an external proficiency-testing scheme and that third party accreditation is employed. It may be appropriate to establish the fitness for the purpose of the analytical method selected for the problem identified in the problem formulation step. For example, it may be preferable to screen all substances having a similar mode of action (e.g. PAHs) rather than conducting expensive measurements on individual substances. Detailed guidelines are available elsewhere on the handling of food analytical data for the purpose of risk assessment (WHO, 1995; Douglass and Tennant, 1997; Barlow et al., 2002a,b; Petersen, 2002; Renwick et al., 2003) . WHO (1995) recommended that the majority of analytical effort is targeted at foods contributing the first 85% of a contaminant. Monitoring should concentrate on appropriate dietary staples that are likely to be the major sources of intake. Distinct geographic regions or ethnic food consumption patterns may necessitate different monitoring plans.
Genotoxic carcinogens may not be evenly distributed in the food matrix. Regions of high concentration may arise, inter alia, due to surface mould contamination (e.g. aflatoxin B 1 ), portions receiving higher heat such as the crust of bread (e.g. acrylamide), or the fried surface of meat (e.g. benzo(a)pyrene or PhIP). Similarly, for many of the genotoxic carcinogens generated during domestic cooking or industrial processing such as acrylamide, PAH and PhIP, the cooking method or process will greatly influence levels in the food as consumed (for example, grilling versus frying). Pertinent information should be collected during the acquisition of food consumption data. It is essential that foods analysed are representative of foods consumed by the population(s) or sub-populations of interest. Surveillance data are available for many countries. Such data are generally updated annually and are often obtained to ensure compliance with food legislation (for regulated contaminants). In duplicate diet studies a duplicate portion of all foods consumed during the study period is analysed. Such studies are labour intensive and expensive. However, by directly analysing the foods consumed by subjects in such studies, uncertainties related to both food consumption data and concentration data are minimised.
Measurement of the intakes of foods that may contain the chemical (food consumption data)
Food consumption data may be obtained by three broad approaches: food supply data, household data and individual food consumption surveys.
Food supply data
Food supply data measure the availability or disappearance of foods on a national or regional basis each year giving an estimate of mean per capita consumption. Although such data are crude compared with individual food consumption studies, they may be the only form of data available for some countries and can facilitate comparison of dietary exposures for different countries and regions. The WHO GEMS/Food programme (www.who.int/foodsafety/chem/gems/en/index.html) prepared a series of regional diets for conducting risk assessments based on food supply data. Exposures to some genotoxic carcinogens in foods (e.g. aflatoxin B 1 ) show marked regional variations which may be compared using food supply data in conjunction with appropriate food analysis data.
Household data
In their simplest form, household surveys may be regarded as an extension of national food supply surveys applied at household level. Detailed household data are available for many countries. While much useful detail can be contained in such data, food waste is generally ignored, the individuals consuming the foods are not identified and foods consumed outside the home are not measured.
Individual food consumption surveys
The most accurate food consumption data are acquired in studies of individual food consumption. Such studies include
• Food frequency questionnaires • Food recall surveys of past consumption • Food diaries about current consumption Food frequency data allow only a qualitative estimate of exposure and are of limited utility for the accurate estimate of chemical intakes. Food recall data depend on the memory of the respondent and quantities are estimated. Food diaries such as seven day weighed intakes provide quantitative data on foods consumed but are labour intensive and can only be applied to limited numbers of individuals.
Whichever method is used to derive food consumption data, risk characterisation for genotoxic carcinogens usually involves the combination of lifetime animal potency data with short-term human intake estimates. It is therefore important to establish that the data produced are representative of the pattern of chronic exposure and of exposure among sub-populations of toxicological interest.
Mean or median exposures may be calculated easily from simple food analysis and food consumption data. Crude intake scenarios may be calculated from the range of concentrations in foods and the range in food consumption data.
Although not yet fully accepted by regulatory authorities, probability distributions are increasingly being generated using probabilistic analysis such as Monte Carlo modelling. Such methods facilitate the estimation of exposure percentiles such as the 90th, 95th, 97.5th or even up to 99.9th percentiles. However, it is recommended that the plausibility of estimated high percentile intakes is checked against corresponding food consumption data before accepting the output from statistical analysis. The following questions are pertinent to an exposure assessment:
• In what food(s) is/could this genotoxic carcinogen be present? • Are there any sub-populations that are high consumers of the foods concerned? • What is the exposure pattern for consumers considered to be sensitive (which could be determined by life-stage, gender, genetic polymorphisms, etc.)? • Is the intake taking place every day, or only infrequently? Information on patterns of exposure may also be useful to risk managers. See Slob et al. (2006) for a quantitative approach for describing intermittent intakes. This information should be assessed during the risk characterisation process.
• Are there non-food sources and/or other routes of exposure to this substance that should be taken into account in the risk characterisation?
Biomarkers of exposure
For substances present at very low concentrations in the diet, bioavailability from food matrices is an important consideration. It may be possible to simulate the effect of food matrices on intestinal absorption by studies in vitro. Biomarkers of exposure have been applied to several genotoxic carcinogens in the diet and facilitate the calculation of internal doses, which can be compared with estimated dietary intakes. Some biomarkers, such as protein adducts, permit the integration of exposure over a period of time as opposed to a single point measurement. Biomarkers may give very accurate estimates of exposure by individuals in research studies but have limited utility at a population level.
Risk characterisation
Risk characterisation has been defined as ''the quantitative or semi-quantitative estimate, including attendant uncertainties, of the probability of occurrence and severity of adverse effect(s)/event(s) in a given population under defined conditions based on hazard identification, hazard characterisation and exposure assessment'' (European Commission, Scientific Steering Committee, 2000) . At its best, a risk characterisation ''synthesises an overall conclusion about risk that is complete, informative and useful for decision makers'' (US Environmental Protection Agency, 2000).
As noted by Renwick et al. (2003) , the advice to risk managers may be qualitative or quantitative, depending upon the outcome of problem formulation, data availability and the nature of the compound. The usual hazard characterisation approach for compounds that cause cancer by non-DNA-reactive mechanisms is to calculate a health-based guidance value, such as a tolerable daily intake, using the no-observed adverse effect level and uncertainty factors. Such an approach is not used for compounds that cause cancer by DNA-reactive mechanisms.
The decision-making environment also may dictate the nature and focus of the advice. Depending upon the circumstances, risk managers could be presented a risk characterisation containing only a qualitative judgment of risk. Alternatively, the risk characterisation may include one or more quantitative estimates of risk in addition to the qualitative judgement.
Whichever method of risk characterisation is adopted, the output is only as reliable as the quality of the data used. This applies to all data used, i.e. hazard identification, hazard characterisation and dose-response analysis and exposure estimation (Fig. 2) .
Qualitative approaches
The only data essential for qualitative approaches, such as ALARA (as low as reasonably achievable), is identification of the compound as a genotoxic carcinogen. An important decision is that the genotoxicity arises via direct covalent binding to DNA, rather than via a mechanism that would show a threshold in the dose-response relationship. Often data are available from a variety of genotoxicity tests and the decision is based on a weight of evidence approach, which takes into account the quality of the available data.
Although the ALARA principle is an easy to understand concept, it poses some major difficulties for the risk manager as it does not discriminate between very potent and very weak carcinogens and does not take human exposure into account. It does not give any guidance on the magnitude of any risk that might be associated with a given ''reasonably achievable'' low exposure level. Although these difficulties would point to the alternative approach of calculating the intake levels associated with ''acceptably small risks'', the mathematical models necessary may give widely divergent answers and do not provide a reliable basis for the formulation of realistic risk management advice.
Quantitative approaches
Quantitative approaches combine data from the doseresponse relationship defined by an epidemiology study or a cancer bioassay with an estimate, or estimates, of exposure. In consequence, the reliability of the estimate is dependent on the quality of the data used to identify and characterise the hazard and the data used to define the exposure. Limited data for any element of the risk assessment process (Fig. 2) will add uncertainty to the output and any numerical value is only as precise as the underlying data allow.
There are basically three different approaches that can support the formulation of quantitative/semi-quantitative advice to risk managers. These are the application of the TTC approach (Section 6.2.1), extrapolation of the available animal dose-response data to the level of human exposure (Section 6.2.2) and calculation of the margin of exposure (MOE) (Section 6.2.3). Application of the TTC approach requires chemical-specific data on intake only, because the dose-response data are derived from studies on structural analogues, whilst quantitative risk estimation and calculation of the MOE use chemical-specific data on both dose-response and human exposure.
Threshold of toxicological concern (TTC) for low-dose exposure in special circumstances
A particularly difficult situation arises when a compound that is present in human food has been shown to be a direct-acting genotoxicant, but either there are no data from a cancer bioassay or the carcinogenicity data fail to define the dose-response relationship, for example because the only dose studied gave a 100% incidence.
Under such circumstances, it may be possible to apply the TTC concept to extremely low exposures using data from cancer bioassays on chemicals in the same structural class. Although there is a general consensus that it is not possible to define an intake for a DNA-reactive carcinogen that would give a zero risk, the threshold of toxicological concern (TTC) concept provides a practical and conservative approach that could be used to formulate advice to risk managers when exposures are very low (Kroes et al., 2004) . The TTC concept has been used for a number of years for the risk assessment of chemicals with various structural characteristics that may be present in food at very low levels, such as packaging migrants and flavouring substances. In the context of genotoxic chemicals, TTC values were proposed by Kroes et al. (2004) for chemicals with structural alerts for both genotoxicity and carcinogenicity. The values were based on the daily intake estimated to give a lifetime risk of less than one in a million, using the highly conservative approach of linear extrapolation from the TD 50 values derived from the dose-response data from rodent cancer bioassays on all structurally related compounds studied in rodent cancer bioassays. Analysis of the potency data for genotoxic carcinogens with different structural alerts indicated that a practical TTC could not be set for aflatoxin-like, azoxy-, or nitroso-compounds because of their very high potency. A practical TTC for compounds with other structural alerts for genotoxicity was proposed at 0.15 lg/person/day. At that level for compounds with a structural alert indicating a genotoxic carcinogen (excluding aflatoxin-like, azoxy-, and nitrosocompounds) there would be an 86-97% probability (depending on the structural alert) that any theoretical calculated risk would be less than one in a million if the intake were at or below the TTC. The quality of the exposure estimate is of greatest importance when exposure is close to the TTC value. The TTC approach may be useful as an adjunct to prioritisation of risk management actions (for example in association with ALARA) and/or definition of research priorities.
Low-dose extrapolation of data from rodent carcinogenicity bioassays
Numerical estimates of the risk associated with the human exposure can be derived by extrapolation of the animal dose-response data or by the use of the TD 50 , T25 or BMDL10 as the point of departure for low-dose risk estimation by simple linear extrapolation. These may be expressed either as the calculated additional cancer risk arising from different levels of exposure or as the level of exposure associated with a predefined level of lifetime risk, such as one in a million. Estimation of the possible cancer risk at the levels of human intake has to be based on empirical mathematical models that do not reflect the complexity of the underlying biology. A number of mathematical models have been proposed, and the resulting risk estimates are dependent on the mathematical model used. Using the same dose-response data from an animal study but different mathematical models, the intakes associated with very low risks, such as one in a million, can differ by orders of magnitude.
Linear extrapolation from a point of departure (or reference point, see Section 4.3.2), such as the benchmark dose (BMD), lower confidence interval on a benchmark dose (BMDL) or the T25, is conservative and simple to apply. However, it should be recognised that the output is considered to be an upper bound on the risk for rodents and not a mathematical estimate of the real risk for humans. Although calculation of the intake associated with a specified cancer risk (e.g. one in a million) from a high-dose point of departure appears to be a precise mathematical procedure, the assumption of a linear relationship means that this approach does not have a realistic biological basis. When agencies involved in risk assessment estimate the intake associated with a cancer risk of say one in a million, in reality this relates to the risk in the test species and not in humans, unless the dose-response modelling includes a PBTK-model (physiologically based toxicokinetic model) of species differences in target-organ concentrations of active chemical species (and even then toxicodynamic differences will not have been taken into account).
The validity of numerical risk estimates is dependent on the quality of the data used to define the dose-response relationship, the exposure data and also the relevance of the mathematical extrapolation model. The use of epidemiology data has the potential to provide a more valid estimate because the extent of dose extrapolation is less than from an animal cancer bioassay, the problems of inter-species differences are not relevant, and human variability may have been incorporated in the data used.
A major problem with the generation of theoretical numerical risk estimates is that they are open to misinterpretation because they may be regarded as a realistic indication of the actual risk. Although, the numerical estimate is sometimes acknowledged as being an upper bound estimate, and that the lower bound risk may approach zero, risk management actions generally focus on the upper bound.
Finally, simple linear extrapolation methods probably greatly overestimate the real risks (Ames and Gold, 1991) and despite this, the human cancer incidence attributed to the diet by epidemiologists is not explained by known chemical carcinogens in the diet (Lutz and Schlatter, 1992) .
Margin of exposure
The ratio between a dose leading to tumours in experimental animals and the human intake (see below) is known as the margin of exposure (MOE). The approach can be applied to both individual substances and exposure sources and to chemical classes and aggregate exposures. The magnitude of the MOE reflects but does not attempt to define the possible magnitude of the risk: the larger the MOE, the smaller the risk posed by exposure to the compound under consideration. Calculation of the MOE requires two decisions; defining the point on the dose-response curve, usually from an animal study, to use as the comparator, and the human intake with which it should be compared. The TD 50, the T25 (Sanner et al., 2001) , or a benchmark dose (Gaylor and Gold, 1998; Gaylor, 2000) are often taken as comparative estimates of potency of genotoxic carcinogens. The T25 or BMD(L) may be used as points of departure (POD) for low-dose risk estimation. Different estimates of human intake provide risk managers with different information, for example the mean or median intake provides a general picture, while the intake by the 90th, 95th or 97.5th percentile of consumers provides information about the high consumer. Because the MOE is simply a ratio, different MOE values can be estimated for different percentile intakes.
Interpretation of an MOE for a genotoxic carcinogen would be difficult for risk managers, without some advice about the uncertainties, assumptions and limitations present in the data used to derive the ratio. The usual considerations of species differences and human variability would be inherent uncertainties when the MOE is based on animal data. Risk managers should be informed of the magnitude of an MOE that could be considered to represent a low priority for risk management actions, after taking into account uncertainties related to the precision of the doseresponse relationship and the quality of the human exposure data, which in some cases may be quite poor. There is no established history of the use of MOE for genotoxic and carcinogenic compounds.
The EFSA Scientific Committee considered that an MOE of 10,000 or more, based on animal cancer bioassay data, ''would be of low concern from a public health point of view and might reasonably be considered as a low priority for risk management actions' ' (EFSA, 2005 ). An exposure potency index (EPI) is used by Health Canada in their Human Health Risk Assessment for Priority Substances under the Canadian Environmental Protection Act (Health Canada, 1994) for compounds that are both genotoxic and carcinogenic. The EPI is calculated as the average exposure in the population divided by the dose in experimental animals that produces a 5% incidence of tumours. Advice to risk managers on the interpretation of numerical estimates is that: EPI values of 2 · 10 À4 or more are considered to be a high priority for the analysis of options to reduce exposure; EPI values between 2 · 10 À4 and 2 · 10 À6 are a moderate priority; and EPI values less 2 · 10 À6 are considered a low priority. The biological basis and derivation of these values were not explained. The EPI can be regarded as a reciprocal of the MOE and the reciprocals of the EPI values correspond to margins of exposure of <5000 (high priority), 5000-500,000 (moderate priority) and >500,000 (low priority).
Despite its limitations, the margin of exposure (MOE), which combines hazard characterisation with exposure assessment, is the most scientifically meaningful form of advice to risk managers, but the MOE would need to be provided with guidance on the quality of the data used and the uncertainties and variables that would be inherent in the comparison of hazard and exposure. Table 1 presents the calculated margins of exposure for selected food-borne carcinogens. Exposure data are drawn from a number of sources and the calculated margins of exposure against rodent bioassay derived T25 and BMDL10 values show a wide range. High margins of exposure were observed for PhIP and benzo(a)pyrene, whereas the margins of exposure for aflatoxin B 1 were up to three orders of magnitude lower. The calculations show the potential utility of margins of exposure as a means of providing risk managers with a means of identifying potential priority areas for risk management provided reliable exposure and dose-response data are available. It is interesting to note that all of the examples in Table 1 have estimated intakes that would exceed the TTC value of 0.15 lg/day proposed by Kroes et al. (2004) for genotoxic carcinogens (which would exclude aflatoxin B 1 and nitrosamines).
The MOE values for acrylamide and benzo(a)pyrene given in Table 1 differ from those derived recently by JECFA (JECFA, 2005) based on BMDL10 values, whereas the MOEs for ethyl carbamate are similar. For acrylamide, the difference in MOE arises from a difference in the exposure data used (JECFA used a mean exposure of 1 lg/kg bw/d and a high exposure of 4 lg/kg bw/d resulting in MOEs of 300 and 75, respectively, which JECFA considered to be low and indicative of human health concern). The literature reports a large variation of acrylamide concentrations in foods. The present analysis used a recent figure for high consumption among children in the USA (a sub-group potentially with high exposure) (see Appendix A). Since acrylamide was discovered to be a thermal by-product in food in 2002, much research has been dedicated to decreasing levels that has resulted in lower exposure from some products. If such efforts are successful, dietary exposure to acrylamide will decrease, complicating the comparison of dietary exposures calculated at different times. Similarly, the high intake value of 2000 ng/kg bw/d used herein for ethyl carbamate is an historical intake value based on the consumption of stone fruit brandies and current intakes are much lower. Nevertheless, JECFA considered that while the MOE for the mean intake of ethyl carbamate in foods (20,000) was of low concern, the MOE for food and alcoholic beverages combined (3800) was of concern. This is consistent with the range of MOEs presented for ethyl carbamate in Table 1. JECFA reported MOEs for average and high intakes of polycyclic aromatic hydrocarbons of 25,000 and 10,000, respectively, which were considered to be of low concern for human health. The difference for benzo(a)pyrene arises largely from a 20-fold difference in the BMDL10 (JEC-FA = 0.1 mg/kg bw/d benzo(a)pyrene based on total number of animals with tumours in mice treated with coal tar mixtures) rather than the intake estimate. It is difficult to compare approaches used for benzo(a)pyrene, however, as the present calculations were based on hepatocellular tumours in rats whereas the JECFA BMDL10 was derived from data for tumour-bearing animals in a mouse bioassay (Culp et al., 1998) where benzo(a)pyrene was used as a marker for mixtures of PAH in coal tar. While, responses based on tumour-bearing animals may be used, the toxicological points of departure used herein were based on single-tumour end-points corrected for background. These comparisons emphasise that the MOE depends critically on the data selected and that a clear descriptive narrative of the method of estimation and associated assumptions and uncertainties is an essential part of the advice to risk managers.
Data quality and data analysis considerations
Whatever approach is chosen, the formulation of quantitative or semi-quantitative advice for risk managers places higher demands on raw data quality and on the methods used to analyse the data. Ideally, bioassay data should be from GLP studies using standard protocols. In addition, pathology peer review is increasingly being applied to the quality assurance of bioassay data. The details of methodology used to calculate food intakes should be provided. Assumptions and uncertainties in the calculation of food intake data should normally be communicated and data for average, or preferably median, and high consumers should be provided.
The T25 approach can be applied as soon as one dose shows a statistical difference from the control data, whereas the BMDL10 approach becomes more powerful as more responding groups are added. The closer the critical dose in the bioassay data is to the T25, the more accurate will be the T25 calculation. However, linear extrapolation T25: defined as the daily dose in mg/kg bw (obtained by linear extrapolation) inducing a 25% increase in tumour incidence above background over a lifetime exposure (104 weeks used here as default). BMDL10: defined as the lower 5% confidence bound on a dose resulting in a 10% increase in tumour incidence above background, derived by fitting a mathematical model to the experimental potency data. a Models assumed a maximum response of 100% at high doses with the exception of dimethylnitrosamine where the response was seen to plateau at an incidence of $70%.
b These figures are for illustration purposes only; the quality of raw data has not been evaluated. c As intake from food. may not reflect the true shape of the dose-response curve, which mathematical dose-response models try to simulate in the calculation of the BMD and BMDL. When doseresponse data are abundant, mathematical dose-response modelling can pool available dose-response data into a single best-fit. Under such circumstances, data obtained from this approach may be closer to 'true' values if good input data are available. However, the BMD/BMDL values obtained may be sensitive to the models used. Additional advantages of the modelling approach is the opportunity to estimate a lower bound value (the BMDL) which takes the variability in the data into account and the possibility to combine data from different sources (e.g. different sexes or different studies), provided this is biologically justifiable. The shape of the dose-response curve will determine the relationship between the T25 and the BMD10/BMDL10. If the dose-response is linear, it would be expected that the T25 would be 2.5 times the BMD10 (a 25% incidence versus a 10% incidence). Under such circumstances, the difference between the T25 and BMDL10 would be expected to be even greater, perhaps as much as fivefold, assuming that noise accounts for a twofold variation in most data sets. The ratio between the values for T25 and BMDL10 for the examples chosen here is much smaller than 5. This observation suggests that when a T25 is used as a point of departure, it is unlikely to lead to an underestimation of risk, based on comparison with the BMD modelling approach.
Conclusions
The Expert Group concluded that each approach for the formulation of advice to risk managers is associated with strengths and weaknesses.
(i) ALARA -does not take into account either potency or exposure and is based on hazard identification alone. As such, the same advice is given irrespective of the potential risk. While ALARA is broadly applicable to genotoxic carcinogens in food, it is not recommended as the only form of advice to risk managers. (ii) TTC -may be useful in circumstances where adequate cancer bioassay data are not available on a food contaminant known to be a direct-acting genotoxicant. Although still valid, in practice, the TTC approach would not be used when good hazard characterisation data are available. (iii) Low-dose extrapolation takes into account both animal potency and human exposure in order to quantify the theoretical risk. The numerical estimate of risk is heavily influenced by the mathematical model selected for the extrapolation. On the other hand, the mathematical model chosen to derive a point of departure (such as a BMDL10 or T25) has little influence on the numerical estimate. Linear extrapolation from a point of departure has become a commonly used method, primarily for risk management considerations because it is often assumed that this will result in an upper bound of risk. However, linear extrapolation over many orders of magnitude does not reflect the underlying biological processes or the potential for significant non-linearity in the intakeresponse relationship outside the observed range. Linear extrapolation from the T25 or BMD10 to a 10 À6 risk is simply equivalent to dividing the T25 by 250,000 and the BMD10 by 100,000. This approach is therefore not recommended. (iv) Overall, the MOE is the most appropriate default approach because it combines information on potency and exposure, without the generation of numerical risk estimates of unknown reliability. Table 1 showed that both the T25 and BMD approaches could be used as reference points on the intake response relationship to calculate MOEs for the comparison of the foodborne carcinogens selected. (v) Although the MOE is easy to calculate, the interpretation of any given MOE is complex and would have to take into account the nature and quality of both the tumourigenicity data and the exposure estimates (in reality these considerations apply equally to any method used). Equivalent data quality and data analysis methodology are necessary to ensure meaningful comparison of MOEs from different studies. (vi) Further work is necessary to harmonise the estimation of food chemical intakes and to examine the range and significance of MOEs of genotoxic carcinogens commonly found in the human diet under different conditions of exposure.
Supplementary data
Supplementary documentation on DNA damage, repair and mutation prepared by the Expert Group may be downloaded from http://europe.ilsi.org/taskforces/riskassessment/RiskAssessmentCarcinogens.htm. Selected food-borne carcinogens were used to illustrate the calculation of margins of exposure. The food intake and rodent bioassay data were selected from published sources to illustrate the margin of exposure approach and were not quality assured. Non-food exposures were not evaluated. The compounds selected were: acrylamide, aflatoxin B 1 , benzo(a)pyrene, ethyl carbamate, and PhIP (2-amino-1-methyl-6-phenylimidazo [4,5-b] pyridine).
Calculations of T25, BMD10 and BMDL10 values were based on selected single tumour data (for biologically significant tumours) in animals administered the test compound for a period of 104 weeks (referred to herein as the critical endpoint).
The T25 value is the chronic daily dose, which will give tumours in 25% of the animals above background at a specific tissue site. The T25 is determined by linear extrapolation from the lowest dose giving a statistically significant increase in tumours (referred to herein as the critical dose) (Dybing et al., 1997) . The calculation of T25 values is derived from the following data:
A: proportion of animals with the tumour in the control group (%) B: proportion of animals with the tumour in an exposed group (%) C: net increase in tumour frequency (%)
Values for the BMD10 and BMDL10 were calculated from the same animal dose-response data following fitting to a set of mathematical models that comprised one-stage model, two-stage model, three-stage model, log-logistic model, Weibull model, log-probit model, Hill model, and four latent variable models (denoted as PROAST M2, PROAST M3, PROAST M4, and PROAST M5; see Woutersen et al., 2001) . The number of parameters in these models varies from 2 (one-stage model) up to 4 (Hill model and PROAST M5). The Hill model, and PROAST models M4 and M5 have the potential to level off below 100% at increasing doses.
The acceptability of a model was based on the criterion that the fit should not be significantly worse (using the likelihood ratio test) than the fit provided by the saturated model. The saturated model is the model that does not assume any dose-response function (its parameters are simply the frequencies per dose level). Some of the models are nested models (i.e. they are related to each other such that by leaving out a parameter, one model reduces to the other; this holds for the one, two, and three-stage models, as well as for the PROAST models). These nested models were also compared to each other (by the likelihood ratio test), and a model with more parameters was only accepted if it fitted significantly better than its counterpart with less parameters.
While the likelihood ratio test can only be applied to nested models, the AIC criterion (Akaike, 1974; Bozdogan, 1987) has been proposed as an approximate criterion for comparing the fits of non-nested models. However, applying the AIC approach may lead to more models being excluded, in many cases leaving just one model. It was preferred therefore to omit this criterion and to report the BMD(L)s for the other models as well. This gives some indication of the ''model uncertainty'' (i.e. the uncertainty regarding the true shape of the dose-response) in each data set. When the data are relatively sparse (e.g. few dose groups) this uncertainty in the data will be relatively large. The confidence intervals were calculated by the profile likelihood method, except for the PROAST models, where they were assessed by bootstrapping (see Moerbeek et al., 2003) . The lowest value of the BMDL10 was chosen in each case for the calculation of the MOE.
In the case of benzo(a)pyrene and ethyl carbamate the models were fitted to the results for both sexes combined. By having sex as a covariate for one of the model parameters, the likelihood ratio test can be used to decide if both sexes differ in the value of a particular parameter, or that both sexes can just as well be considered as one single population.
The PROAST software was used, but the US-EPA benchmark dose software (BMDS) should give the same results for the supported models. However, the Hill model, and the PROAST models are not implemented in BMDS. The BMD software can be downloaded from http://epa. gov/ncea/bmds.htm. This software is quick to learn and apply. The PROAST software is available on request from RIVM, but requires SPLUS (a commercial software package) or R (freeware).
A.2. Acrylamide
A.2.1. Human exposure data For acrylamide, published human exposure estimates from Norway and USA were used for the MOE calculations in Table 2 . In Norway, mean exposure was estimated to be 410 and 420 ng/kg bw/d for males and females, respectively (Dybing and Sanner, 2003) . In the USA, the mean exposure was estimated to be 430 ng/kg bw/d and the 90th percentile was 920 ng/kg bw/d (US FDA, 2004) . Some population sub-groups may have higher exposures that are difficult to evaluate. For example, one survey reported a value of 2.31 lg/kg bw/d for a 90th percentile exposure for children aged 2-5 years (US FDA, 2004) .
A.2.2. Bioassay data
Groups of 60 male and 60 female Fischer 344 rats were given acrylamide in drinking water at levels corresponding to doses of 0, 0.01, 0.1, 0.5 and 2.0 mg/kg bw/d (Johnson et al., 1986) . The tumour incidences observed in the rats are listed in Table 2 . Table 3 shows the BMD calculations as modelled on mammary gland fibroadenomas (Johnson et al., 1986 (WHO, 1998) . If foods are consumed according to the ''European diet'' (www.who.int/foodsafety/chem/gems/ en/index.html) with a relatively low contamination level in food and where all samples with contamination above 20 lg/kg product were removed, the mean estimated intake of aflatoxin was 19 ng/person per day ($0.3 ng/kg bw/d). This fits well with national data from Switzerland (0.25 ng/kg bw/d, Lutz and Schlatter, 1992) . If foods are consumed according to the ''Far Eastern Diet'' (www.who.int/foodsafety/chem/gems/en/index.html) with higher contamination levels in food (e.g. using monitoring data from China) but also removing all samples with contamination above 20 lg/kg product, the mean estimated Table 3 Acrylamide: BMD modelling on mammary gland fibroadenomas (Johnson et al., 1986) 
A.2.3. Calculation of T25 values

A.3.2. Bioassay data
Groups of male Fischer rats (initial number unspecified) were fed a diet containing 0, 1, 5, 15, 50 or 100 lg aflatoxin B 1 /kg of diet until clinical deterioration of animals was observed, at which time all survivors in that treatment group were killed (Wogan et al., 1974) . The following incidences of hepatocellular carcinomas were observed: 0/18 (control), 2/22 (1 lg/kg of diet), 1/22 (5 lg/kg of diet), 4/ 21 (15 lg/kg of diet), 20/25 (50 lg/kg of diet) and 28/28 (100 lg/kg of diet). These feed concentrations corresponded to doses of 0.05, 0.1, 0.3, 2 and 4 lg/kg bw/d, respectively (assuming default body weight male rats 500 g and default feed consumption male rats 20 g/d; 50 lg/kg of diet corresponds to a dose of (50 lg/ kg · 0.02 kg feed/d)/0.5 kg bw = 2 lg/kg bw/d). Table 4 shows the BMD calculations as modelled on hepatocellular carcinoma in male rats (Wogan et al., 1974) Human exposure estimates for benzo(a)pyrene from food of 10-15 ng/kg bw/d was derived from the national data of Switzerland (Lutz and Schlatter, 1992) .
A.3.3. Calculation of T25 values
A.4.2. Bioassay data
Groups of 52 male and 52 female Wistar strain rats were administered benzo(a)pyrene for 104 weeks at doses of 0, 3, 10 and 30 mg/kg bw/d by gavage 5 days per week Table 5 shows the BMD calculations as modelled on hepatocellular tumours in rats of both sexes . Dose-response analysis of the responses showed that there is no significant difference between the sexes. Therefore, both sexes were treated as a single population. The lowest BMDL10 value was 2.8 mg/kg bw/d; correction for exposure duration: 2.8 · 5 days/7 days = 2.0 mg/kg bw/d.
A.5. Dimethylnitrosamine
A.5.1. Human exposure data A human exposure estimate for volatile nitrosamines from food of 14 ng/kg bw was taken from Lutz and Schlatter (1992) . This figure was derived from the national data of Switzerland and comprises both N-nitrosodimethylamine (dimethylnitrosamine) and N-nitrosopyrrolidine.
A.5.2. Bioassay data
Groups of 60 male and 60 female inbred (Colworth Wistar) rats were given dimethylnitrosamine-containing drinking water until animals had palpable liver tumours or were dying (240 male and 240 female controls) (Peto et al., 1991a,b) 4/60, 3/60, 2/60, 4/60, 4/60, 5/60, 8/60, 7/60, 13/60, 14/ 60, 19/60, 27/60, 32/60, 44/60 and 46/60; and in females: 11/240, 2/60, 2/60, 4/60, 2/60, 6/60, 6/60, 3/60, 7/60, 7/ 60, 4/60, 7/60, 13/60, 20/60, 40/ Tables 6a and 6b show the BMD calculations as modelled on liver cell tumours in male rats. The dose-response Table 5 BaP: BMD modelling on hepatocellular tumours in rats (both sexes) for liver cell tumours showed a sigmoidal dose-response, but at the top dose the response suddenly appears to level off (at an incidence level of around 70%). This is probably due to interaction with the occurrence of other dose-related tumours. Therefore, dose-response analyses were performed both including (Table 6a ) and excluding (Table  6b ) the top dose, but this only marginally affected the BMDL10 values. For liver cell tumors (in males, top dose excluded) the lowest BMDL10 for dimethylnitrosamine is 0.062 mg/kg bw/d.
A.6. Ethyl carbamate A.6.1. Human exposure data Human exposure to ethyl carbamate depends largely on the consumption pattern of alcoholic beverages. When excluding alcoholic beverages, human exposure from food was estimated to be $20 ng/kg bw/d (Zimmerli and Schlatter, 1991) . When including 300 ml wine per day in the diet, the exposure was estimated to be $70 ng/kg bw/d and consumption of 60 ml stone fruit brandies per day resulted in an estimate of 2000 ng/kg bw/d. It has to be noted that the levels of ethyl carbamate in alcoholic beverages, especially in brandies, are much lower today so that these estimates do not reflect current exposure.
A.6.2. Bioassay data
Groups of 48 male and 48 female B6C3F 1 mice received 0, 10, 30 or 90 mg/l ethyl carbamate in the drinking water in the presence of 0%, 2.5% or 5% ethanol for 2 years (US NTP, 2004) . These concentrations of ethyl carbamate corresponded to doses of 0, 1.2, 3.3 and 10.1 mg/kg bw/d in male mice and 0, 0.9, 2.8 and 8.2 mg/kg bw/d in female mice (based on combining the published mean doses calculated for weeks 1-13, weeks 14-52 and weeks 53-104 following multiplication by weighting factors 0.125, 0.375 and 0.5, respectively). The following tumour incidences following exposure to ethyl carbamate alone were observed in male mice given ethyl carbamate only: hepatocellular adenoma or carcinoma (12/46, 18/47, 2/46, 23/44) Table 7 shows the BMD calculations as modelled on lung tumours in rats of both sexes. Because there was no significant sex differences in the incidence of alveolar/bronchiolar adenoma or carcinoma, the data for males and females were combined to calculate the BMD (i.e. 
A.7.2. Bioassay data
Groups of 30 male and 30 female Fischer 344 strain rats, were fed PhIP in the diet at levels of 25 ppm corresponding to doses of 0.90 mg/kg bw/d in males and 0.86 mg/kg bw/d in females or 100 ppm corresponding to 3.44 mg/kg bw/d in males and 3.76 mg/kg bw/d in females (Hasegawa et al., 1993) . Surviving rats were sacrificed at 104 weeks. The incidences of colon and mammary tumours and leukaemias in the animals were as follows: Male control 0/30 colon tumours, 2/30 mammary tumours (2 fibroadenomas) and 3/30 lymphocytic leukemia; male 25 ppm 0/ 30 colon tumours, 2/30 mammary tumours (2 fibroadenomas) and 6/30 lymphocytic leukemia; male 100 ppm 13/30 colon tumours, 2/30 mammary tumours (2 fibroadenomas) and 13/30 lymphocytic leukemia: female control 0/30 colon tumours, 11/30 mammary tumours (8 fibroadenoma + 3 adenoma) and 2/30 lymphocytic leukemia; female 25 ppm 0/30 colon tumours, 11/30 mammary tumours (5 fibroadenoma + 4 adenoma + 2 adenocarcinoma) and 3/30 lymphocytic leukemia; female 100 ppm 4/30 colon tumours, Table 8 shows the BMD calculations as modelled on colon tumours in male rats. In this endpoint only one dose shows a response, hampering the estimation of a doseresponse relationship (see Fig. 3 ). Nonetheless, the BMDLs for the different models do not differ greatly. The lowest BMDL10 value is 1.25 mg/kg bw/d. 
